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a b s t r a c t
The aim of this study was to examine the plasma concentrations and prevalence of polychlorinated biphenyls
(PCBs) and hydroxylated PCB-metabolites (OH-PCBs) in polar bear (Ursus maritimus) mothers (n = 26) and
their 4 months old cubs-of-the-year (n = 38) from Svalbard to gain insight into the mother–cub transfer, biotransformation and to evaluate the health risk associated with the exposure to these contaminants. As samplings
were performed in 1997/1998 and 2008, we further investigated the differences in levels and pattern of PCBs between the two sampling years. The plasma concentrations of Σ21PCBs (1997/1998: 5710 ± 3090 ng/g lipid
weight [lw], 2008: 2560± 1500 ng/g lw) and Σ6OH-PCBs (1997/1998: 228 ± 60 ng/g wet weight [ww], 2008:
80± 38 ng/g ww) in mothers were signiﬁcantly lower in 2008 compared to in 1997/1998. In cubs, the plasma
concentrations of Σ21PCBs (1997/1998: 14680 ± 5350 ng/g lw, 2008: 6070± 2590 ng/g lw) and Σ6OH-PCBs
(1997/1998: 98± 23 ng/g ww, 2008: 49± 21 ng/g ww) were also signiﬁcantly lower in 2008 than in 1997/
1998. Σ21PCBs in cubs was 2.7 ± 0.7 times higher than in their mothers. This is due to a signiﬁcant maternal transfer of these contaminants. In contrast, Σ6OH-PCBs in cubs were approximately 0.53± 0.16 times the concentration in their mothers. This indicates a lower maternal transfer of OH-PCBs compared to PCBs. The majority of the
metabolite/precursor-ratios were lower in cubs compared to mothers. This may indicate that cubs have a lower
endogenous capacity to biotransform PCBs to OH-PCBs than polar bear mothers. Exposure to PCBs and OH-PCBs
is a potential health risk for polar bears, and the levels of PCBs and OH-PCBs in cubs from 2008 were still above
levels associated with health effects in humans and wildlife.
© 2012 Elsevier B.V. All rights reserved.

1. Introduction
Polychlorinated biphenyls (PCBs) are still among the dominating
persistent organic pollutants (POPs) in arctic mammals (Letcher
et al., 2010), and the levels of PCBs in polar bears (Ursus maritimus)
are among the highest reported in any species (e.g. Norstrom et al.,
1998; Andersen et al., 2001; Dietz et al., 2004; Verreault et al.,
2005a; Letcher et al., 2010; McKinney et al., 2011). In polar bears,
PCBs and other POPs are suggested to cause adverse effects on the
thyroid hormone system, sex steroid homeostasis, vitamin status,
immune system, organ morphology and behaviour (e.g. Wiig et al.,
1998; Skaare et al., 2001; Haave et al., 2003; Olsen et al., 2003;
⁎ Correspondence to: J. Bytingsvik, Department of Biology, Realfagbygget,
Høgskoleringen 5, 7491 Trondheim, Norway. Tel.: + 47 73 59 69 47, + 47 97 50 69
20; fax: + 47 73 59 53 10.
⁎⁎ Correspondence to: B.M. Jenssen, Department of Biology, Realfagbygget,
Høgskoleringen 5, 7491 Trondheim, Norway. Tel.: + 47 91 89 71 20; fax: + 47 73 59
53 10.
E-mail addresses: jenny.bytingsvik@bio.ntnu.no (J. Bytingsvik),
bjorn.munro.jenssen@bio.ntnu.no (B.M. Jenssen).
0048-9697/$ – see front matter © 2012 Elsevier B.V. All rights reserved.
doi:10.1016/j.scitotenv.2011.12.033

Oskam et al., 2003, 2004; Braathen et al., 2004; Lie et al., 2004,
2005; Sonne, 2010).
Adult polar bears have a well developed cytochrome P450 (CYP)
enzyme system, which can metabolically biotransform PCBs to PCBmetabolites, and hydroxylated PCBs (OH-PCBs) are among the
most common PCB-metabolites in polar bears (Letcher et al., 2000;
Verreault et al., 2005b; Gebbink et al., 2008; Letcher et al., 2010).
OH-PCBs are less hydrophobic than their parent compounds, and
these metabolites bind to proteins and accumulate in blood rather
than being associated with lipids as PCBs are (van den Berg, 1990;
Lans et al., 1993, 1994). In adult polar bears from Svalbard (Norway),
East-Greenland and Resolute Bay in the Canadian Arctic, the levels of
OH-PCBs in plasma and whole blood have been reported to be even
higher than the levels of PCBs in the same tissue (Sandau, 2000;Sandau
et al., 2000; Sandala et al., 2004; Verreault et al., 2005b; Gebbink et al.,
2008). The OH-PCBs detected in signiﬁcant concentrations in polar
bears and other mammals, including humans, are meta- or parahydroxylated PCBs (Letcher et al., 2000). OH-PCBs have structural similarities to endogenous compounds, and in vivo and in vitro studies
have demonstrated that OH-PCBs may disrupt the transport and
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metabolism of thyroid hormones, vitamin homeostasis, the oestrogen
cycle, interrupt intercellular communication, and development of the
nervous system (Brouwer and van den Berg, 1986; Rickenbacher et
al., 1986; Lans et al., 1993; Brouwer et al., 1998; Schuur et al., 1998,
1999; Cheek, 1999; Kester et al., 2000; Machala et al., 2003, 2004;
Meerts et al., 2004; Ptak et al., 2005; Gutleb et al., 2010).
In mammals, PCBs are transferred from mothers to their offspring
through the umbilical cord and via the milk (Guvenius et al., 2003;
Sørmo et al., 2003a; Greig et al., 2007; Park et al., 2008). The milk of
polar bears is lipid-rich and contains high levels of hydrophobic
contaminants such as PCBs (Bernhoft et al., 1997; Polischuk et al.,
1995, 2002). Levels of PCBs in polar bear milk are higher than in the
adult diet and the PCB levels in suckling cubs exceed the levels in
their mothers (Bernhoft et al., 1997; Sandau, 2000; Polischuk et al.,
2002). Contaminant levels in umbilical blood and the foetuses
of polar bears are unreported. Because the polar bear foetuses are
small and have minor fat reservoirs (Blix and Lentfer, 1979) for storage of hydrophobic POPs, the POPs entering their body may be more
bioavailable to exert toxic effects. Hence, developing polar bears may
be of particular risk from harmful effects of these pollutants (Bernhoft
et al., 1997; Wiig et al., 1998; Polischuk et al., 2002). Exposure to POPs
during critical developmental periods has been associated with
negative health effects in wildlife, experimental animals, and humans
(Colborn et al., 1993; Peterson et al., 1993; Brouwer et al., 1995, 1998;
Huisman et al., 1995; Ulbrich and Stahlmann, 2004; Grandjean and
Landrigan, 2006).
Because of the important role of thyroid hormones in normal
growth and development of mammals, concern has been expressed
about the thyroid disruptive effects of PCBs and OH-PCBs in polar
bear cubs (Jenssen, 2006). Furthermore, there are indications of
reproductive effects and decreased cub survival in polar bears that
may be linked to high concentrations of contaminants (Derocher
et al., 2003). Human infants exposed to PCBs and OH-PCBs prenatally
show lower birth weight, smaller head circumference and alterations
in the thyroid hormone homeostasis (Fein et al., 1984; Rylander et al.,
1996; Sandau et al., 2002), and exposed children show altered neural
development, cognitive, motor and learning abilities (Schantz et al.,
2003; Grandjean and Landrigan, 2006; Maervoet, 2007; Park et al.,
2009; Roze et al., 2009). In a recent study, OH-PCBs have been associated with alterations in the thyroid hormone homeostasis in hooded
seal (Cystophora cristata) pups from East-Greenland (Gabrielsen
et al., 2011). There are, however, few reports on PCB and OH-PCB
levels in cubs-of-the-year (Sandau, 2000; Polischuk et al., 2002) and
there is a lack of knowledge on mother–cub transfer of these two
groups of endocrine disrupting compounds.
Starting in the 1970s, the production and use of PCBs have gradually been banned in most countries, and following the ratiﬁcation of
the Stockholm Convention in 2004, production, use and release of
PCBs have been globally banned (www.pops.int). Thus, the levels of
PCBs in adult polar bears have declined at least since the 1990s
(Braune et al., 2005; Verreault et al., 2005a; McKinney et al., 2011).
However, there are no reports on changes in levels of OH-PCBs in
neither adult polar bears or in cubs. Information on changes in the
levels of these environmental pollutants in polar bear mothers and
their offspring are important for assessing the risk of exposure, and
to assess to which extent international regulatory treaties and national bans of production, use and release of environmental pollutants
affect levels in arctic wildlife and ecosystems.
The objective of the study was to examine the levels and prevalence of PCBs, OH-PCBs in polar bears mother and their suckling
cubs to gain insight into the mother–cub transfer, biotransformation
and to evaluate the health risk associated with the exposure to
these contaminants. Thus, contaminant levels were analysed in plasma samples from live-caught female polar bears from Svalbard and
their cubs (~4 months old, i.e. cubs-of-the-year), shortly after den
emergence. As samples were obtained in 1997/1998 and 2008, we

further investigated the differences in levels and patterns of PCBs
and OH-PCBs in mothers and cubs from the two sampling periods.
2. Material and methods
2.1. Field sampling
In April 1997, 1998 and 2008, blood samples were collected from 3
polar bear mothers with 5 cubs, 13 mothers with 17 cubs, and 10
mothers with 16 cubs, respectively, at Svalbard, Norway. Cubs were
approximately 4 months old at sampling (i.e. cubs-of-the-year), and
litters comprised of either one (n = 14) or two cubs (n = 12). Because
the quantitative rates of change over time in contaminant levels in
polar bears are slow (AMAP, 2004), bears sampled in 1997 and
1998 were pooled into one group hereafter termed “1998”. Thus,
the bears were divided into 4 groups based on age and sampling
year: Mothers 1998, Mothers 2008, Cubs 1998, and Cubs 2008. In
1998, animals were sampled at Hopen and Edgeøya, whereas in
2008 animals were sampled at Spitsbergen and Edgeøya (Fig. 1). Latitude and longitude co-ordinates were recorded for all bears (Table 1;
Fig. 1).
Capture and handling procedures followed standard protocols
(Stirling et al., 1989; Derocher and Wiig, 2002) and were approved
by the National Animal Research Authority (NARA), Norway. Following immobilization, and as part of the routine measurements of polar
bears, a selection of morphometric variables representing the bears
body size and head size were collected. Dorsal straight-line body
length (SL), head length (HL) and zygomatic width (ZW) were measured in all bears, axillary girth (AG) was recorded in all mothers,
and body mass (BM) was recorded by spring scale for all cubs
(Derocher et al., 2005) (Table 1). Because BM was measured only
for mothers from 2008, BM for all mothers was estimated based on
SL and AG using a morphometric equation (Derocher and Wiig,
2002) before further recalculation into body condition index (BCI)
using a BCI equation developed for polar bears (Cattet et al., 2002).
The calculated BCI closely represent the polar bears true body condition. For some mothers, age was known because they had been
caught previously, during their ﬁrst two years of life. For the remaining mothers, age was estimated by counting annual growth layers in
the cementum of an extracted vestigial premolar (Calvert and
Ramsay, 1998; Christensen-Dalsgaard et al., 2010). All capture dates
were transformed to capture day (1–365). Detailed information on
capture day, age, and morphometric variables for the 4 groups are
listed in Table 1.
Blood was collected from the femoral vein into heparinised Venoject® tubes (10 mL, Thermo Electron Corporation, Belgium) and separated into plasma and blood cells by centrifugation (3500 rpm,
10 min) within 8 h after sampling. Plasma samples were transferred
to cryogenic vials and stored at − 20 °C in the ﬁeld and then at
−70 °C in the lab freezer until analysis.
2.2. Contaminant analysis
The analyses of PCBs and OH-PCBs in the plasma samples were
performed at the Laboratory of Environmental Toxicology at the
Norwegian School of Veterinary Science (Oslo, Norway).
2.2.1. Extraction of PCBs and OH-PCBs
The multicomponent method used for extraction, determination
of plasma lipid percentage (PL%), clean-up and analyses of the
PCBs is based on the procedure originally described by Brevik
(1978) with modiﬁcations described by Bernhoft et al. (1997) and
Andersen et al. (2001), and extended to include OH-PCBs as described
by Løken et al. (2006) and Berg et al. (2010). Brieﬂy, the samples
(~3 g of plasma) were added an internal standard (I.S.) mix consisting of PCB-29, PCB-112, PCB-207 (Ultra Scientiﬁc, RI, USA), 4′-OH-
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then extracted twice with 1 M potassium hydroxide (KOH, Elektrokemiska Aktiebolaget, Sweden) in ethanol:water (1:1) (Ethanol, 96%,
Arcus AS, Oslo, Norway and Grade 1 water). The solvent phase containing the PCBs was ready for GC-analyses after reduction to the
ﬁnal volume. The alkaline phase containing the phenolic analytes
was treated with drops of 96% sulphuric acid (to pH ~ 1–2) and
back-extracted three times with cyclohexane (5 mL). The OHPCBs in the combined extracts were reduced (~ 1 mL) and thereafter derivatised with an acetylating reagent mixture (100 μL) of
acetic acid anhydride and pyridine (1:1) to yield the acetylated analogues to the OH-PCBs. After 30 min in a heating cabinet (60 °C),
the samples were cleaned with water (Grade 1, 2 mL). The organic
phase containing the OH-PCBs was then reduced (~ 0.3 mL) and transferred to amber vials with inlets before OH-PCB analysis.

Fig. 1. Capture location of polar bear mothers with 4 months old cubs sampled in Svalbard (Norway) in 1998 (n = 16, ﬁlled triangles) and 2008 (n = 10, ﬁlled circles).

[ 13C12]CB159 and 4-OH-[ 13C12]CB187 (Wellington Laboratories
Inc., Guelph, Ontario, Canada), 10 mL 1 M H2SO4 (96%) and 4 mL 2%
NaCl. Lipid-extraction was performed twice with acetone:cyclohexane (2:3). PL% was determined gravimetricly using the whole extract.
Sulphuric acid (H2SO4, 96%) was used for clean-up. The samples were
Table 1
Mean (X) ± standard deviation (SD) of capture location as latitude and longitude, capture day (1–365), age (years for mothers and months for cubs), head length (HL, mm)
zygomatic width (ZW, mm), straight length (SL, cm), axillary girth (AG, cm), body
mass (BM) and body condition index (BCI) of polar bear mothers and cubs sampled
in Svalbard (Norway) in 1998 and 2008.

Latitude (°N)
Longitude (°E)a,b
Capture day (1–365)a,b
Age (years, months)
HL (mm)b
ZW (mm)b
SL (cm)b
AG (cm)
BM (kg)b,c
BCId

Mothers 1998

Mothers 2008

Cubs 1998

Cubs 2008

(n = 16)

(n = 10)

(n = 16)

(n = 10)

X ± SD

X ± SD

X ± SD

X ± SD

77.4 ± 0.7
23.9 ± 1.3
104 ± 7
12 ± 3
347 ± 13
201 ± 10
196 ± 8
114 ± 9
185 ± 34
158 ± 13

78.0 ± 0.9
18.0 ± 2.3
112 ± 7
12 ± 5
339 ± 9
199 ± 6
192 ± 5
110 ± 5
169 ± 17
152 ± 8

77.4 ± 0.7
23.9 ± 1.3
104 ± 7
~4
162 ± 7
100 ± 6
73 ± 6
n.m.
11 ± 3
n.c.

78.0 ± 0.9
18.0 ± 2.3
112 ± 7
~4
177 ± 15
107 ± 8
84 ± 11
n.m.
15 ± 6
n.c.

n.m. = not measured, n.c. = not calculated.
a
Signiﬁcant difference between mothers sampled in 1998 and 2008 (p b 0.05).
b
Signiﬁcant difference between cubs sampled in 1998 and 2008 (p b 0.05).
c
Estimated body mass (BM) of mothers is based on the following equation:
BM = 0.00003377 ∗ axillary girth1.7515 ∗ straight length1.3678 (Derocher and Wiig,
2002). BM of cubs was measured by spring scale.
d
Body condition index (BCI) of mothers is based on the following equation:
BCI = (ln body mass − 3.07 ∗ ln straight length + 10.76)/(0.17 + 0.009 ∗ ln straight
length) (Cattet et al., 2002). ln = natural logarithm.

2.2.2. Quantiﬁcation of PCBs and OH-PCBs
Details concerning the quantiﬁcation of PCBs are described by
Andersen et al. (2001). The following 28 PCB compounds were
analysed in the plasma samples; PCB-28, -47, -52, -66, -74, -99,
-101, -105, -114, -118, -123, -128, -137, -138, -141, -149, -151, -153,
-156, -157, -167, -170, -180, -183, -187, -189, -194, and -206.
The extracts containing the acetylated analogues of the OH-PCBs
in the plasma were analysed by a high-resolution gas chromatograph
(Agilent 6890 Series, Agilent Technologies, Santa Clara, CA, USA) with
auto sampler and split/splitless injector (Agilent 7683 Series) operated in the pulsed splitless mode. This system was connected to a quadrupole mass spectrometer (MS) (Agilent 5973 Series). The capillary
column was a DB-5 MS (J&W Scientiﬁc, 60 m, 0.25 mm i.d., 0.25 μm
ﬁlm thickness). Hydrogen (purity: 99.999%, Yara Praxair) was used
as carrier gas at a constant ﬂow of 1 mL/min and methane (purity:
99.995, Yara Praxair) was used as reagent gas. The injected volume
was 2 μL, and the injection temperature was 210 °C. Detection of the
OH-PCBs and the I.S. was performed using negative chemical ionization (NCI) with the following target ions: 4′-OH-CB106 and 4′-OHCB108 at m/z 383.8, 4-OH-CB107 at m/z 383.9, 3-OH-CB118 at m/z
309.9, 4′-OH-CB130 and 3′-OH-CB138 at m/z 345.9, 4-OH-CB146 at
m/z 417.8, 4′-OH-CB159 at m/z 417.8, 4′-OH- 13C-CB159 at m/z
429.8, 4′-OH-CB172 and 3′-OH-CB180 at m/z 451.8, 4-OH-CB187
at m/z 451.8, and 4 –OH-13C-187 at m/z 464.0. The following temperature programme was used: 90 °C (hold 1 min); 90–250 °C (35 °C/min,
hold 5 min); 250–300 °C (5 °C/min, hold 5 min). The total runtime
was 25.57 min. A total of 11 OH-PCBs were analysed: 4′-OH-CB106
(4-hydroxy-2′,3,3′,4′,5′-pentachlorobiphenyl), 4-OH-CB107 (4-hydroxy-2,3,3′,4′,5–pentachlorobiphenyl), 4′-OH-CB108 (4-hydroxy2′,3,3′,4′,5-pentachlorobiphenyl), 3-OH-CB118 (3-hydroxy-2,3′,4,4′,5pentachlorobiphenyl), 4′-OH-CB130 (4-hydroxy-2,2′,3,3′,4′,5-hexachlorobiphenyl), 3′-OH-CB138 (3-hydroxy-2,2′,3′,4,4′,5-hexachlorobiphenyl), 4-OH-CB146 (4-hydroxy-2,2′,3,4′,5,5′-hexachlorobiphenyl),
4′-OH-CB159 (4-hydroxy-2′,3,3′,4′,5,5′-hexachlorobiphenyl), 4′-OHCB172 (4-hydroxy-2,2′,3,3′,4′,5,5′-heptachlorobiphenyl), 3′-OH-CB180
(3-hydroxy-2,2′,3′,4,4′,5,5′-heptachlorobiphenyl), and 4-OH-CB187
(4-hydroxy-2,2′,3,4′,5,5′,6-heptachlorobiphenyl). The concentrations
of the 11 OH-PCBs were determined by the I.S. method using calibration
curves with 6 to 10 calibration points. To prepare the calibration standards, known amounts of the authentic standards of the 11 OH-PCBs
and two I.S. (Wellington Laboratories Inc., Guelph, Ontario, Canada)
were derivatised by the same procedure as the plasma samples, and
then mixed and diluted to desired concentrations.
2.2.3. Validation of contaminant analysis
The Laboratory of Environmental Toxicology at The Norwegian
School of Veterinary Science (Oslo, Norway) is accredited for the determination of several POPs in biological material of animal origin
according to the requirements of NS-EN ISO/IEC 17025 (TEST 137).
Determination of OH-PCBs is not an accredited method, but is validated after the same procedure as the accredited PCB-method.
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For all the samples and for the quantiﬁcation of both PCBs and OHPCBs, standard validation procedures were used to ensure adequate
quality assurance and control. Each work up series included the following samples for intra- and inter-assay validation; three blank samples (solvents) to check for interferences, a blind sample and two
low-contaminated sheep blood samples spiked with a standard mix
containing all analytes to determine relative recovery, and the laboratory's internal reference samples of seal blubber (PCBs) and seal
blood (OH-PCBs) to determine reproducibility. For both PCBs and
OH-PCBs, the accuracy, precision, linearity and sensitivity of the analyses were within the laboratory's accredited requirements. The relative recovery rates for PCBs and OH-PCBs were between 69–137%,
and 69–116%, respectively. Detection limits for individual compounds
were determined as three times the noise level. The detection limit
for the PCBs were between 0.02 ng/g wet weight (ww) and 0.07 ng/
g ww, and between 0.01 ng/g ww and 0.08 ng/g ww for the OH-PCBs.
2.3. Statistical analysis
Statistical analyses were performed using SPSS Statistical software
(Version 17.0 for Windows, SPSS Inc., Chicago, IL). Shapiro–Wilk test
was used to test if the data were normally distributed (n ≤ 50). If not,
variables were log10-transformed to normalise the data before analyses. In the text, all values are given as untransformed values and
as mean ± standard deviation (SD) unless otherwise noted. The
level of statistical signiﬁcance was set at p b 0.05.
21 PCB congeners (PCB-47, -74, -99, -101, -105, -114, -118, -128,
-137, -138, -153, -156, -157, -167, -170, -180, -183, -187, -189, -194,
and -206) of the 28 analysed congeners, and 6 OH-PCBs (4-OHCB107, 3′-OH-CB138, 4-OH-CB146, 4′-OH-CB159, 3′-OH-CB180, and
4-OH-CB187) of the 11 analysed OH-PCBs were detected in >60% of
the individuals in the groups. Thus, Σ21PCBs and Σ6OH-PCBs represent
the sum of the concentrations of the two groups of compounds
detected in > 60% of the polar bears. It should be noted that PCB101 was detected in 85% and 77% of the polar bear mothers and
cubs from 1998, respectively, but only in 50% and 44% of the polar
bear mothers and cubs from 2008, respectively. Moreover, 4′-OHCB172 was detected in all individuals in both years, but because
this metabolite co-eluted with another hepta-chlorinated OH-PCBisomer (Cl7-OH-PCB), 4′-OH-CB172 was not included in Σ6OH-PCBs.
However, due to the signiﬁcant concentrations of this co-eluting peak,
referred to as 4′-OH-CB172/Cl7-OH-PCB, the combined concentration
of these two metabolites is presented separately. Thus, the combined concentration of these two metabolites should be considered
as semi-quantitative. Furthermore, even though 4′-OH-CB130 was
detected in > 70% of the individuals, it co-eluted with two unknown
OH-PCB-isomers. Because the concentrations of these co-eluting
compounds were low (0.6 ± 0.5 ng/g ww), they are excluded from
analyses. When PCBs or OH-PCBs levels were below the detection
limit, random values between zero and the detection limit for the
given compound were used as a replacement to avoid missing values
in the statistical analyses (Verreault et al., 2005b). Because PCBs
are associated with lipids, and OH-PCBs associate with proteins, PCB
concentrations are expressed as ng/g lipid weight (lw), and OH-PCB
concentrations as ng/g ww.
General linear models (GLM, type III sum of squares) show that litter effect (parity) explained ≥78.2% of the variation in Σ21PCBs and
Σ6OH-PCBs in polar bear cubs from 1998 and 2008 when years were
analysed separately (F (1, 5) ≥ 4.29, p ≤ 0.05). Further, litter effect
explained ≥78.6% of the variation in SL, ZW, and BM of cubs from
1998 and 2008, and HL of cubs from 2008 (F (1, 5)≥ 4.42, p ≤ 0.001).
HL of cubs from 1998 and PL% between twins from both years were
the only variables where the variance was lower within twin-pairs
than between twin-pairs (F (1, 5) ≤ 2.65, p ≥ 0.133). This means that
the variation between twin-pairs was higher than within twin-pairs
for Σ21PCBs, Σ6OH-PCBs and most of the morphometric variables.

Furthermore, using the mean value of the twins did not, however,
allow us to use sex of cubs as a covariate on the entire data set in further analyses to explain individual variation in the response variables (morphometric variables, PL%, Σ21PCBs, and Σ6OH-PCBs), as
some (n = 7) of the litters consisted of a male and a female cub.
GLM analyses (type III sum of squares) showed that there were no
signiﬁcant difference in morphometric variables (SL, HL, ZW, BM),
Σ21PCBs and Σ6OH-PCBs between male and female cubs in 1998 (F
(1, 20) ≤ 2.16, p ≥ 0.157) or in 2008 (F (1, 14) ≤ 3.49, p ≥ 0.083)
when examining all cubs for each sampling year separately. Of all
the variables examined, sex inﬂuenced only on PL% in cubs from
2008 (F (1, 5) = 5.63, p = 0.028). Based on these ﬁndings, the
mean values of variables for twin cubs of both different and equal
sexes were used (six twin pairs from each year) in further analyses.
Thus, the study was performed on 16 mother–cub pairs from 1998
and 10 mother–cub pairs from 2008.
Previous studies have shown that sampling location, time of sampling, age and condition may affect levels and toxicokinetics of PCBs
in polar bears (Polischuk et al., 1995; Bernhoft et al., 1997; Letcher
et al., 2000; Andersen et al., 2001; Henriksen, 2001; Polischuk et al.,
2002; Olsen et al., 2003). Thus, the extent to which sampling year
and other covariates (capture location [latitude and longitude], capture day, age [mothers only], BM [cubs only] and BCI [mothers only])
explained the variation in levels of Σ21PCBs and Σ6OH-PCBs in
mothers and cubs, was investigated using GLM (type III sum of
squares) with backward selection and sampling year as a ﬁxed
factor. In the GLM-models developed for mothers, BCI and not BM
was used because BCI reﬂects the bears true body condition as the
combined mass of fat and skeletal muscle or fat mass only relative to
body size (Cattet et al., 2002) and this way is relevant for the bears
fat reservoirs for storage of hydrophobic contaminants as PCBs. The
BCI equation was developed based on adult bears and was unsuited
for use on cubs. Homogeneity of variance was tested by Levene's
test, and the assumption of homogeneity of regression slopes was
tested for all models to test if the pooled slopes of regression represent
the slope for both years. Because OH-PCBs are metabolites of PCBs,
Σ21PCBs in mothers was deﬁned as an independent variable (in the
model) when Σ6OH-PCBs in mothers was deﬁned as a dependent variable. Because PCBs in cubs originate from their mothers, Σ21PCBs in
mothers was deﬁned as an independent variable when Σ21PCBs in
cubs (dependent variable) was examined. When analysing Σ6OHPCBs in cubs (dependent variable), Σ21PCBs and Σ6OH-PCBs in
mothers, and Σ21PCBs in cubs, were included as independent variables
to account for all possible sources of OH-PCBs in cubs.
Correlations between the contaminant levels in mothers and their
cubs were examined using Pearson's correlation test (two-tailed) or
Spearman's rank correlation test (two-tailed), depending on whether
the variables were normally distributed (with or without log10-transformation) or not, respectively. The cub–mother (CM)-ratios of contaminants were calculated to gain insight into the mother–cub
transfer of PCBs and OH-PCBs. The CM-ratios for PCBs and OH-PCBs
are based on lw and ww concentrations, respectively. A paired t-test
was used to compare the CM-ratio of Σ21PCBs and Σ6OH-PCBs.
The metabolite/precursor-ratios were calculated to gain insight
into the biotransformation of PCBs in mothers and cubs. Ratios
are based on ww concentrations of known or suggested OH-PCBmetabolite and PCB-precursor combinations (Letcher et al., 2000;
Sjödin et al., 2000; Verreault et al., 2008). Levels of contaminants
and metabolite/precursor-ratios for mothers and their cubs were
compared using a paired t-test or Wilcoxon signed rank-test (2tailed) test depending on whether variables were normally distributed (with or without log10-transformation) or not, respectively.
Between-year differences were analysed using Student's t-test
or Kolmogorov–Smirnov test (K–S-test) depending on whether
variables were normally distributed (with or without log10-transformation) or not, respectively.
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3. Results and discussion
3.1. Concentrations and prevalence of PCBs and OH-PCBs
The plasma concentration of Σ21PCBs and Σ6OH-PCBs in polar bear
mothers and cubs was lower in 2008 than in 1998 (p≤0.001) (Fig. 2).
In the mothers, Σ21PCBs (1998: 5710±3090 ng/g lw, 2008: 2560±
1500 ng/g lw) and Σ6OH-PCBs (1998: 228±60 ng/g ww, 2008: 80±
38 ng/g ww) were 55% and 65% lower in 2008 than in 1998, respectively.
In cubs, Σ21PCBs (1998: 14680±5350 ng/g lw, 2008: 6070±2590 ng/g
lw) and Σ6OH-PCBs (1998: 98±23 ng/g ww, 2008: 49±21 ng/g ww)
were 59% and 50% lower in 2008 than in 1998, respectively. The
decreased plasma levels of PCBs and OH-PCBs from 1998 to 2008 are in
accordance with the temporal trend of decreasing levels of PCBs in arctic
wildlife including polar bears (Henriksen, 2001; AMAP, 2004; Verreault
et al., 2005a; Wolkers et al., 2008; McKinney et al., 2011). The decreasing
levels of PCBs in polar bears most likely reﬂect the declining emissions
due to national bans on production, use and release of PCBs. Thus, the establishment of international treaties (e.g. the Stockholm Convention) that
aims to protect humans and wildlife against exposure to environmental
contaminants has functioned as intended.
It should be noted that although sampling year was the only
determinant of ∑21PCBs in mothers and that latitude, longitude, capture day, age and BCI of mothers did not explain the plasma levels of
∑21PCBs (Table 2), other confounding factors may still have inﬂuenced the differences in the plasma contaminant levels between the
years. Previous studies have shown that dietary shifts inﬂuence on
the contaminant levels and pattern in polar bears (McKinney et al.,
2010). Thus, differences in the diet of the polar bears from the
2 years could have inﬂuenced on the differences in PCB concentrations reported herein. Furthermore, in 2008 the bears were captured
6° further west than in 1998 (Table 1; Fig. 1). Thus, sampling year
is confounded by longitude in the present study (Table 2). Previous
studies have shown that the plasma concentration of PCB-153
in adult polar bears from the Norwegian Arctic decreases by approximately 4% with each westward degree (Henriksen, 2001). Thus, spatial or between-year differences in the home-range areas of the
mothers may also have inﬂuenced on the contaminant levels
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(Henriksen, 2001; Olsen et al., 2003), and thus the reported
between-year contaminant differences.
Although the use of plasma to monitor levels of hydrophobic contaminants in seals has been questioned (Lydersen et al., 2002), several studies on polar bears have reported highly similar PCB-patterns in
adipose tissue and blood, minor short-term ﬂuctuations in the PCBlevels in plasma, and a lower relative variation in PCB concentrations
in plasma compared to in adipose tissue (Henriksen, 2001; Polischuk
et al., 2002; Sandala et al., 2004). Thus, in polar bears, plasma appears
to be a good non-destructive matrix for monitoring changes in levels
of hydrophobic contaminants.
The ∑6OH-PCBs in the mothers from 1998 (228 ± 60 ng/g ww)
and 2008 (80 ± 38 ng/g ww) were higher and lower, respectively,
than the concentration of ∑11OH-PCBs reported in blood of female
polar bears from Svalbard sampled in 2002 (mean concentration:
173 ng/g ww) (Verreault et al., 2005b). The decreasing levels of OHPCBs in Svalbard polar bear mothers from 1998 via 2002 to 2008
could reﬂect the decreasing levels of PCBs. However, as the OH-PCBs
in polar bears predominantly originate from endogenous biotranformation by the CYP-enzyme system and not from consumption of
contaminated prey (Letcher et al., 1996, 2000; Sandau et al., 2000;
Routti et al., 2008), factors affecting the quantity of parent compounds available for biotransformation (e.g. condition, fasting and
intake of food) or factors affecting biotransformation rates of PCBs
(e.g. level of exposure to CYP-enzyme inducing compounds) (Safe,
1994; Letcher et al., 1996; Polischuk et al., 1995; Boon et al., 1997;
Letcher et al., 2000; Polischuk et al., 2002) could have inﬂuenced
the between-year differences in concentration of OH-PCBs reported
herein.
Comparisons of the plasma levels of PCBs and OH-PCBs in cubs-ofthe-year with previous studies on the same age-group were limited
to two studies. The concentrations of ∑21PCBs (133 ± 54 ng/g ww)
and ∑6OH-PCBs (98 ± 23 ng/g ww) in cubs from 1998 were somewhat lower than and comparable to, respectively, the levels of PCBs
(∑24PCBs: ~220 ng/g ww) and OH-PCBs (∑6OH-PCBs: ~ 81 ng/g
ww) reported in three cubs (≤ 2 years old) from Svalbard also sampled in 1998 (Sandau, 2000). Furthermore, the concentrations of
∑21PCBs in cubs from 1998 in our study were higher than reported

Fig. 2. Plasma concentration of ∑21PCBs (ng/g lw) and ∑6OH-PCBs (ng/g ww) in polar bear mothers in 1998 (grey bars with dots, n = 16), mothers in 2008 (grey bars, n = 10),
cubs in 1998 (white bars with dots, n= 16), and cubs in 2008 (white bars, n =10) from Svalbard presented as mean bars with standard deviation (SD) error bars. * Signiﬁcant differences
in concentration of ∑21PCBs or ∑6OH-PCBs between mothers sampled in 1998 and 2008, and cubs sampled in 1998 and 2008. ** Signiﬁcant differences in concentration of ∑21PCBs or
∑6OH-PCBs between mothers and cubs sampled the same year.
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Table 2
Variables explaining ∑21PCBs (log10 ng/g lw) and ∑6OH-PCBs (ng/g ww) in the plasma of polar bear mothers (n = 26) and cubs (n = 26) sampled in Svalbard (Norway) in 1998
and 2008. Results are indicated as parameter estimates from linear models with 1998 as the reference year (β and standard error (SE) of β), F-statistics, p-values, R2, and degrees of
freedom (df) from analysis of variance. Levene's test is performed to examine equality of error variances between the groups (homogeneity). Regression analysis was done on the
results from the two years together, with sampling year as a ﬁxed factor and with backward selection.
β

SE β

6.36
− 0.36
79.90
− 148.51
1.45
0.84
19.44
0.35

0.07
0.08
16.64
21.21
0.52
0.08
3.72
0.02

F

R2

p

df

Levene's

Model
Mothers

log10 Σ21PCBsa

Mothers

Σ6OH-PCBs

Cubs

log10 Σ21PCBsa,b

Cubs

Σ6OH-PCBs

Intercept
Sampling year
Intercept
Sampling year
Intercept
log10 Σ21PCBs mothersa
Intercept
Σ6OH-PCBs mothers

18.42

≤0.001

0.43

24

0.71

49.02

≤0.001

0.67

24

0.20

115.02

≤0.001

0.83

24

0.42

325.72

≤0.001

0.93

24

0.58

a

Logarithmic values are based on pg/g lw PCB concentrations.
b
log10 Σ21PCBs in cubs was explained by log10 Σ21PCBs mothers together with longitude (F1, 23 ≥ 13.90, p ≤ 0.001) in the ﬁrst model. After testing for assumption of homogeneity
of regression slopes, longitude was no longer signiﬁcant, and only log10 Σ21PCBs mothers was concluded to explain log10 Σ21PCBs in cubs.

in 12 cubs about 8 months old sampled in Churchill, Canada, during
July to August (49 ± 29 ng/g ww) and September to November (45
± 26 ng/g ww) between 1992 and 1995 (Polischuk et al., 2002). The
difference in PCB concentrations between cubs from Svalbard and
Canada most likely reﬂect the generally higher levels of PCBs reported
in polar bears in Svalbard compared to Canada (Norstrom et al., 1998;
Verreault et al., 2005a; Letcher et al., 2010; McKinney et al., 2011).
Σ21PCBs consisted mainly of PCB-99, -138, -153, -170, -180 and 194 in mothers and cubs from both years (Table 3). The order of dominance in mothers from 1998 was: PCB-153 (39%) > PCB-180 (22%)

> PCB-170 (11%) > PCB-99 (8%) = PCB-138 (8%) > PCB-194 (5%), in
mothers from 2008: PCB-153 (38%) > PCB-180 (23%) > PCB-170
(9%) > PCB-194 (8%) > PCB-99 (7%) > PCB-138 (6%), in cubs from
1998: PCB-153 (42%) > PCB-180 (20%) > PCB-170 (10%) > PCB-99
(9%) = PCB-138 (9%) > PCB-194 (4%), and in cubs from 2008: PCB153 (44%) > PCB-180 (18%) > PCB-99 (10%) > PCB-170 (8%) > PCB138 (7%) > PCB-194 (5%). These congeners are the same as reported
to dominate in plasma and adipose tissue in earlier polar bear studies
in Alaska, Canada, Russia and Svalbard and conﬁrm the persistence
of these particular congeners (Norstrom et al., 1998; Sandau, 2000;

Table 3
Mean (X) ± standard deviation (SD) of plasma lipid percentage (PL%), plasma concentrations of PCBs (ng/g lw) and OH-PCBs (ng/g ww) in plasma samples of polar bear mothers
and cubs sampled in Svalbard (Norway) 1998 and 2008.
Mothers 1998a

Mothers 2008a

(n = 16)

PL%b,c,d
PCB-47b,c,d,e
PCB-74a,e
PCB-99b,c,d,e
PCB-101b,c,f
PCB-105c,d,e
PCB-114b,c,d,e,f
PCB-118c,d,e
PCB-128b,c,d,f
PCB-137b,c,d,e
PCB-138b,c,d,e
PCB-153b,c,d,e
PCB-156b,c,d,e
PCB-157b,c,d,e
PCB-167c,e,f,
PCB-170b,c,d,e
PCB-180b,c,d,e
PCB-183b,c,d,e
PCB-187c
PCB-189b,c,d,e
PCB-194b,c,d,e
PCB-206c,d
4-OH-CB107b,c
3′-OH-CB138b,c
4-OH-CB146b,c,e
4′-OH-CB159e,f
4′-OH-CB172/Cl7-OH-PCBb,c,e
3′-OH-CB180b,c
4-OH-CB187b,c,d,e

Cubs 1998a

(n = 10)

Cubs 2008a

(n = 16)

(n = 10)

X ± SD

% detection

X ± SD

% detection

X ± SD

% detection

X ± SD

% detection

1.1 ± 0.1
25 ± 11
9.0 ± 3.3
440 ± 153
8.5 ± 2.3
11 ± 4
2.6 ± 0.4
31 ± 11
8.2 ± 2.7
43 ± 18
420 ± 139
2200 ± 1 100
70 ± 22
59 ± 30
2.0 ± 0.3
663 ± 533
1320 ± 929
32 ± 15
6.9 ± 3.0
17 ± 13
299 ± 245
49 ± 29
20 ± 11
1.9 ± 1.5
79 ± 26
0.5 ± 0.2
38 ± 11
3.3 ± 2.1
125 ± 26

–
100
85
100
85
100
100
100
100
100
100
100
100
100
85
100
100
100
100
100
100
100
100
100
100
100
100
100
100

1.3 ± 0.2
10 ± 7
9.7 ± 2.5
172 ± 96
5.3 ± 6.2
9.3 ± 2.6
1.8 ± 0.7
34 ± 16
2.3 ± 2.6
20 ± 12
171 ± 110
978 ± 611
41 ± 20
27 ± 15
1.9 ± 1.0
237 ± 160
577 ± 361
19 ± 11
4.7 ± 3.1
7.0 ± 3.4
194 ± 122
42 ± 25
7.1 ± 4.8
0.5 ± 0.2
27 ± 13
0.6 ± 0.9
12 ± 6
0.9 ± 0.2
44 ± 26

–
100
100
100
50
100
80
100
80
100
100
100
100
100
70
100
100
100
100
100
100
100
100
100
100
100
100
100
100

0.9 ± 0.1
68 ± 24
7.5 ± 4.4
1340 ± 501
17 ± 20
18 ± 6
4.5 ± 1.0
61 ± 19
23 ± 10
118 ± 42
1290 ± 470
6180 ± 2340
196 ± 52
170 ± 171
3.4 ± 3.4
1560 ± 789
2890 ± 1180
72 ± 24
8.5 ± 3.1
36 ± 20
530 ± 210
76 ± 23
17 ± 7
1.2 ± 0.6
37 ± 10
0.7 ± 0.3
25 ± 8
1.8 ± 0.9
41 ± 10

–
100
64
100
77
100
100
100
100
100
100
100
100
100
100
100
100
100
100
100
100
100
100
100
100
100
100
100
100

1.3 ± 0.1
31 ± 16
7.9 ± 2.1
573 ± 213
4.1 ± 1.7
11 ± 5
2.6 ± 0.8
40 ± 17
4.2 ± 4.0
50 ± 19
408 ± 193
2690 ± 1170
121 ± 42
91 ± 40
1.8 ± 2.0
519 ± 246
1130 ± 522
30 ± 11
3.0 ± 1.5
16 ± 7
296 ± 195
46 ± 29
7.7 ± 7.6
0.6 ± 0.2
23 ± 7
0.8 ± 0.6
15 ± 5
1.0 ± 0.4
17 ± 8

–
100
100
100
44
100
100
100
94
100
100
100
100
100
63
100
100
100
100
100
100
100
100
100
100
100
100
100
100

a
PCB-28, -52, -66, -123, -141, -149, -151, 4′-OH-CB106, and 4′-OH-CB108 were not detected in any individuals, while 3-OH-CB118 were detected in b 40% of the individuals from
1998.
b
Signiﬁcant difference between mothers sampled in 1998 and 2008 (p b 0.05).
c
Signiﬁcant difference between cubs sampled in 1998 and 2008 (p b 0.05).
d
Signiﬁcant difference between mothers and cubs sampled in 1998 (p b 0.05).
e
Signiﬁcant difference between mothers and cubs sampled in 2008 (p b 0.05).
f
Detected concentrations are close to the detection limit.
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Polischuk et al., 2002; Derocher et al., 2003; Dietz et al., 2004;
Verreault et al., 2005a, 2005b; McKinney et al., 2011).
In our study, Σ6OH-PCBs consisted mainly of the parahydroxylated OH-PCBs; 4-OH-CB107, 4-OH-CB146 and 4-OH-CB187
in mothers and cubs for both years (Table 3). The order of dominance
in mothers from 1998 was: 4-OH-CB187 (56%) > 4-OH-CB146 (34%)
> 4-OH-CB107 (8%), in mothers from 2008: 4-OH-CB187 (44%) > 4OH-CB146 (27%) > 4-OH-CB107 (7%), in cubs from 1998: 4-OHCB187 (42%) > 4-OH-CB146 (37%) > 4-OH-CB107 (17%), and in cubs
from 2008: 4-OH-CB146 (47%) > 4-OH-CB187 (34%) > 4-OH-CB107
(13%). These are the same metabolites as reported to be among the
dominant metabolites in plasma in previous polar bear studies as
well as in humans (Sandau, 2000; Guvenius et al., 2003; Park et al.,
2008). In all bears, we also detected signiﬁcant concentrations of a
co-eluting peak consisting of 4′-OH-CB172 and another heptachlorinated OH-PCB-isomers (4′-OH-CB172/Cl7-OH-PCB). Of the coeluting isomers, Cl7-OH-PCB was the dominating isomer. 4′-OHCB172 has been detected in earlier polar bear studies (Sandau,
2000; Sandala et al., 2004). In our study, only 4-OH-CB146 and 4OH-CB187 were detected in higher concentrations than the coeluting isomers 4′-OH-CB172/Cl7-OH-PCB. In other polar bear studies
examining OH-PCBs in blood (plasma or whole blood), signiﬁcant
concentrations of 4′-OH-CB120, 3-OH-CB153, 3-OH-CB187, 4-OHCB193, 4-OH-CB163, 4-OH-CB199, and 4′-OH-CB202, 4,4′-diOHCB202, and 4′-OH-CB208 have been reported (Sandau, 2000;
Sandala et al., 2004; Gebbink et al., 2008), but these metabolites
were not analysed in our study.
There were signiﬁcant lower levels of the most prevalent PCB congeners and Σ21PCBs in mothers from 2008 compared to in mothers
from 1998 (Table 3; Fig. 2). In contrast, several mono-ortho PCBs
(PCB-74, -105, -118, and -167) and PCB-187 did not differ between
the years (Table 3) resulting in PCB-pattern differences in the
mothers from the two sampling years. As discussed for plasma levels,
also the plasma pattern of PCBs may be affected by sampling location,
ecological and physiological variables and thereby inﬂuence on the
observed differences between the years. However, because the polar
bears with the lowest PCB-levels (2008) had a higher proportion of
PCBs known to be easily biotransformed by polar bears (PCB-74,
-105, -118, -167 and PCB-187) (Norstrom et al., 1988; Norstrom and
Muir, 1994; Bernhoft et al., 1997), our ﬁndings indicate biotransformation differences between the years. Similar ﬁndings have been observed in free-living seals (Boon et al., 1997; Sørmo et al., 2003b;
Routti et al., 2008; Wolkers, 2008) and humans (Brown et al.,
1989), and this phenomenon has been explained by a lower total
load of CYP-enzyme inducing contaminants in the animals resulting
in a reduced biotransformation particularly of the less persistent
PCBs. The suggested explanation related to biotransformation differences between the years is supported by the signiﬁcantly lower ratios
of Σ6OH-PCBs/Σ21PCBs, 4-OH-CB107/PCB-105 + PCB-118 and 4-OHCB187/PCB-187 in mothers from 2008 compared to mothers
sampled in 1998 (Fig. 3).
3.2. Maternal transfer of PCBs and OH-PCBs
Maternal transfer of PCBs and OH-PCBs was investigated using the
CM-ratios. Although CM-ratios based on plasma concentration in
mother–cub-pairs may be inﬂuenced by toxicokinetical factors in
both mothers and cubs, the ratios may give valuable insight into the
mother–cub transfer and differences in exposure levels of PCBs and
OH-PCBs between mothers and cubs. The CM-ratios for mother–cub
pairs from 1998 and 2008 show that suckling cubs were exposed to
higher concentrations of ∑21PCBs (1998: 2.7 ± 0.6, 2008: 2.6 ± 0.8,
1998 and 2008: 2.7 ± 0.7) and lower concentrations of ∑6OH-PCBs
(1998: 0.43 ± 0.04, 2008: 0.67 ± 0.18, 1998 and 2008: 0.53 ± 0.16)
compared to their mothers (p ≤ 0.001) (Fig. 4). The difference in
OH-PCB levels in mothers and cubs is mainly due to the signiﬁcantly
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lower plasma concentration of the dominating metabolite 4-OHCB187 in cubs compared to in mothers (Table 3; Fig. 4). The mother–cub differences was less prominent for most of the remaining
OH-PCBs (4-OH-CB107, 3′-OH-CB138, 4-OH-CB146 and 3′-OHCB180), where the levels were either slightly lower, equal, or for
the metabolites found in the lowest concentrations, higher in cubs
than in their mothers (Fig. 4). These ﬁndings are in accordance with
studies reporting higher levels of PCBs and lower levels of OH-PCBs
in cubs-of-the-year (n = 3) and older cubs (1–2 years of age) compared to in adult female polar bears (Bernhoft et al., 1997; Sandau,
2000; Polischuk et al., 2002). However, those particular reports
were based on average plasma concentrations in the age-groups,
and not on matched mother–cub pairs as in our study.
The CM-ratio for Σ21PCBs in polar bears sampled in spring (April)
from Svalbard (1998: 2.7 ± 0.6, 2008: 2.6 ± 0.8) is comparable to and
somewhat higher than previously reported in polar bears from Canada
during summer (July and August: 2.2) and fall (September to November:
1.5), respectively (Polischuk et al., 2002). The difference between the
two studies, and particularly the comparison with the Canadian results
from fall, may be due to age-related differences, season related dietary
and physiological differences such as a relative lower intake of maternal
milk in the older cubs and growth-dilution effects (Yakushiji et al., 1984;
Olsen et al., 2003; Dietz et al., 2004; McKinney et al., 2010). Furthermore,
the results from the Canadian bears may be confounded because ratios
were estimated using mean plasma values for cubs and mothers and
not data from mother–cub pairs.
Due to low lipid content in maternal blood of polar bears (~1%) and
most likely also in cord blood compared to in milk (20–25%) (Bernhoft
et al., 1997; Polischuk et al., 2002), it is likely that polar bear foetuses
are exposed to lower levels of PCBs than suckling polar bear cubs. This
assumption is supported by previous ﬁndings of lower transfer ratios
from maternal blood to cord blood compared to from maternal blood
to milk in humans where the milk also is the matrix with the highest
lipid content (Maternal blood: 0.7%, Cord blood: 0.2%, Milk: 1.9%)
(Guvenius et al., 2003; Park et al., 2008; Needham et al., 2010). The
role of mother's milk in the maternal transfer of PCBs is reﬂected
by the positive mother–cub correlations for the PCB congeners and
Σ21PCBs (Table 4; Fig. 5A), as well as Σ21PCBs in cubs being explained
by Σ21PCBs in mothers (Table 2). Thus, and in accordance with previous
studies in polar bears (Bernhoft et al., 1997; Polischuk et al., 2002), we
suggest that the main exposure route for PCBs in cubs is via the lipidrich mother's milk (Bernhoft et al., 1997; Polischuk et al., 2002). In the
perspective of potential toxic effects, both the foetal stage and the
time when newborn polar bears start to nurse may be critical periods
for potential PCB-related developmental effects (Peterson et al., 1993;
Brouwer et al., 1995, 1998; Ulbrich and Stahlmann, 2004). While the
exposure concentrations most likely are lower at the foetal stage compared to after birth, prenatal exposure may cause a direct exposure of
vital organs because of the minor capacity polar bear foetus have to
store hydrophobic contaminants because of their small lipid reservoir
(Blix and Lentfer, 1979). After birth, the small cubs experience a considerable shift from lower to higher PCB exposure as they start to suckle.
With respect to transfer efﬁciency of individual PCBs from
mothers to cubs, the results indicate that PCB-47, -99, -128, -137,
-138, -153, -156, -157, -170, -180, -183, and -189 were most efﬁciently transferred (Fig. 4). Based on the mean CM-ratios (±SD) and in decreasing order, the PCB congeners most efﬁciently transferred in 1998
were: PCB-138 (3.11 ± 0.68) > PCB-99 (3.08 ± 0.54) > PCB-47 (3.05 ±
1.19) > PCB-157 (3.02 ± 0.61) > PCB-153 (2.97 ± 0.67) > PCB-137
(2.94 ± 0.74) > PCB-156 (2.87 ± 0.54) > PCB-128 (2.75 ± 0.61) > PCB170 (2.63 ± 0.60) > PCB-183 (2.56 ± 0.99) > PCB-180 (2.43 ± 0.58)
> PCB-189 (2.31 ± 0.53). In 2008, the PCB congeners most efﬁciently
transferred were: PCB-157 (3.74 ± 1.26) > PCB-99 (3.73 ± 1.08)
> PCB-47 (3.30 ± 1.00) > PCB-156 (3.26 ± 0.98) > PCB-153 (3.11 ±
1.07) > PCB-138 (2.78 ± 0.93) > PCB-137 (2.76 ± 0.82) > PCB-128
(2.69 ± 2.10) > PCB-170 (2.48 ± 1.00) > PCB-180 (2.19 ± 0.90) > PCB-
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Fig. 3. Metabolite/precursor-ratios of various OH-PCB/PCB-combinations and Σ6OH-PCBs/Σ21PCBs in plasma samples of polar bear mothers in 1998 (n = 16), mothers in 2008
(n = 10), cubs in 1998 (n = 16), and cubs in 2008 (n = 10) from Svalbard presented as mean bars with standard deviation (SD) error bars. Ratios are based on wet weight (ww)
concentrations of known or suggested metabolite–precursor combinations (Letcher et al., 2000; Sjödin et al., 2000; Verreault et al., 2008). a = 4′-OH-CB172/Cl7-OH-PCB is not
included in Σ6OH-PCBs. * Signiﬁcant differences in metabolite/precursor-ratios between 1998 and 2008.

189 (2.17 ± 0.70) > PCB-183 (1.92 ± 0.91). Thus, polar bears are exposed to particularly high concentrations of these persistent PCBs
early in life. Furthermore, the results shows that the maternal transfer
partly depend on the PCB congeners' degree of chlorination (Fig. 4).

This was particularly prominent for the most heavily chlorinated congeners, PCB-170 to PCB-206 (except for PCB-187), where the transfer
efﬁciency seems to decrease with increasing chlorination. These
trends are in accordance with earlier studies on PCB transfer from

Fig. 4. Cub–mother-ratios (CM-ratios) of PCBs, OH-PCBs, ∑21PCBs, and ∑6OH-PCBs in mother–cub pairs of polar bear from Svalbard (Norway) sampled in 1998 (n = 16) and 2008
(n = 10) presented as mean bars with standard deviation (SD) error bars. CM-ratios are based on plasma lipid weight (lw) concentrations for PCBs and plasma wet weight (ww)
concentrations for OH-PCBs. Y > 1 means the plasma concentration of the current compound is higher in the cubs compared to their corresponding mothers. a = detected concentrations are close to the detection limit. b = 4′-OH-CB172/Cl7-OH-PCB is not included in Σ6OH-PCBs. * Signiﬁcant differences in CM-ratios between 1998 and 2008.
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Table 4
Correlations between levels of PCBs (ng/g lw), OH-PCBs (ng/g ww), ∑21PCBs (ng/g
lw), and ∑6OH-PCBs (ng/g ww) in plasma of polar bear mother–cub pairs sampled
in Svalbard (Norway) in 1998 and 2008 given as correlation coefﬁcients (r) and pvalues. For signiﬁcant correlations, r and p-values are given in bold.
Mother–cub 1998

Mother–cub 2008

(n = 16)

PCB-47
PCB-74a
PCB-99
PCB-101a
PCB-105
PCB-114a
PCB-118
PCB-128a
PCB-137
PCB-138
PCB-153
PCB-156
PCB-157
PCB-167a
PCB-170
PCB-180
PCB-183
PCB-187
PCB-189
PCB-194
PCB-206
4-OH-CB107
3′-OH-CB138
4-OH-CB146
4′-OH-CB159a
3′-OH-CB180
4′-OH-CB172/Cl7-OH-PCBb
4-OH-CB187
Σ21PCB
Σ6OH-PCBs
a
b

(n = 10)

r

p

r

p

0.752
0.307
0.876
0.289
0.833
0.809
0.588
0.863
0.701
0.795
0.861
0.792
0.899
0.275
0.918
0.884
0.658
0.453
0.912
0.811
0.666
0.791
0.592
0.929
0.827
0.431
0.940
0.851
0.861
0.938

0.001
0.307
≤0.001
0.328
≤0.001
0.001
0.016
≤0.001
0.002
≤0.001
≤0.001
0.001
≤0.001
0.363
≤0.001
≤0.001
0.006
0.078
≤0.001
≤0.001
0.005
≤0.001
0.016
≤0.001
≤0.001
0.142
≤0.001
≤0.001
≤0.001
≤0.001

0.888
0.680
0.869
0.604
0.855
0.729
0.904
0.524
0.901
0.942
0.805
0.763
0.732
0.541
0.718
0.663
0.814
0.916
0.739
0.874
0.818
0.931
0.780
0.889
0.297
0.848
0.760
0.976
0.804
0.942

0.001
0.030
0.001
0.065
0.002
0.017
≤0.001
0.120
≤0.001
≤0.001
0.005
0.010
0.016
0.106
0.019
0.036
0.004
≤0.001
0.015
≤0.001
0.004
≤0.001
0.008
0.001
0.405
0.002
0.011
≤0.001
0.005
≤0.001

Detected concentrations are close to the detection limit.
Not included in Σ6OH-PCBs.

polar bear mothers to 1 year old cubs (yearlings) based on concentrations in subcutaneous tissue (Bernhoft et al., 1997).
With respect to OH-PCBs in cubs, these may originate from maternal transfer across the placenta and the umbilical cord, through the
mother's milk (Guvenius et al., 2003; Park et al., 2008), and possibly
from endogenous biotransformation of PCB-precursors in the cubs.
Regarding endogenous biotransformation, several previous studies
have reported that foetal and young mammals, including humans,
have low and ﬂuctuating levels of Phase I enzymes (e.g. CYPenzymes), which metabolically biotransform PCBs into OH-PCBs
(Eltom and Schwark, 1999; Miller et al., 2002; Blake et al., 2005;
Czekaj et al., 2006; Bonfanti et al., 2009). The Σ6OH-PCBs/Σ21PCBsratio (p ≤ 0.001) and the individual metabolite/precursor-ratios
(p ≤ 0.014), except from 4-OH-CB107/PCB-105 + PCB-118 and 4′-OHCB159/PCB-156 in 2008 (p ≥ 0.40), were lower in cubs compared to
mothers (Fig. 3). This indicates that polar bear cubs have a lower
endogenous capacity to biotransform PCBs to OH-PCBs than polar
bear mothers. Furthermore, the levels of OH-PCBs in cubs were
explained by the levels of OH-PCBs in mothers (Table 2) and there
were positive relationships between the OH-PCBs in mothers and
their cubs (Table 4; Fig. 5B). This may reﬂect that the relative pattern
of CYP-enzyme activities is similar in mothers and cubs, even though
the activities per se are lower in cubs. However, it is also possible
that these mother–cub associations reﬂect transfer of OH-PCBs via
milk. Unfortunately, there appears to be no information on levels of
OH-PCBs in polar bear milk. However, the levels of OH-PCBs are low
in human milk (Guvenius et al., 2003; Needham et al., 2010), and it
has been suggested that the low transfer of protein-binding compounds such as OH-PCBs to the offspring via human milk is due to

Fig. 5. Correlation between plasma concentrations of A) ∑21PCB (log10 ng/g lw) in
polar bear mother–cub pairs sampled in 1998 (n = 16, Y = 0.724 ± 0.112, R2 = 0.75)
and 2008 (n = 10, Y = 0.581 ± 0.154, R2 = 0.64), and B) ∑6OH-PCBs (log ng/g ww)
in polar bear mother–cub pairs sampled in 1998 (n = 16, Y = 0.858 ± 0.085,
R2 = 0.88) and 2008 (n = 10, Y = 0.718 ± 0.090, R2 = 0.89). Slope is signiﬁcantly nonzero for all curves.

the low protein content in human milk (approx. 1% during the ﬁrst
year) as compared to in the human plasma (approx. 7.5% during the
ﬁrst year) (Anderson, 1991; Nommsen et al., 1991; Karrman et al.,
2007; Fromme et al., 2010). Although it is likely that the transfer of
OH-PCBs through milk also is low in polar bears, the high protein content in polar bear milk (approx. 10% during the ﬁrst year) and the minor
difference in protein content between milk and plasma (approx. 7.5%)
(Derocher et al., 1993; Tryland et al., 2002) may to a greater extent
than in humans favour the transfer of OH-PCBs to offspring in polar
bears. Further studies examining levels of OH-PCBs in polar bear milk
and biotransformation of PCBs in cubs are needed to understand the
relative importance of maternal transfer and endogenous biotransformation as potential sources to OH-PCBs in polar bear cubs.

3.3. Risk assessment and toxicological implication
The toxicological effects of PCBs and OH-PCBs have been documented in laboratory animals, humans and wildlife (Colborn et al.,
1993; Safe, 1994; Brouwer et al., 1995, 1998; AMAP, 2004; Gauger
et al., 2004; Meerts et al., 2004; Sonne, 2010). In polar bears from
Svalbard, studies on adults indicated that the levels of organochlorines
(e.g. PCBs) experienced during the 1990s had endocrine,
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immunosuppressive and reproductive effects (Skaare et al., 2001;
Derocher et al., 2003; Haave et al., 2003; Braathen et al., 2004; Lie et
al., 2004, 2005; Letcher et al., 2010). It should be noted that in 2008,
the plasma concentration of Σ21PCBs in cubs corresponded to the
levels found in polar bear mothers in 1998 (Fig. 2). Thus, when taking into account that developing mammals (i.e. cubs) are particularly
susceptible to contaminant-induced effects (Colborn et al., 1993),
there is still a cause of concern about the health effects of PCBs and
their metabolites in polar bear cubs at Svalbard. For instance, in 2008,
the plasma concentration of Σ6OH-PCBs in the cubs (49 ±21 ng/g
ww) was much higher (90–170 times) than the concentration of
Σ14OH-PCBs in cord blood plasma (0.286–0.553 ng/g ww) associated
with thyroid hormones effects in human neonates (Sandau et al.,
2002). The plasma Σ6OH-PCBs in the cubs (2008) were also much
higher (70–140 times) than plasma concentration of Σ5OH-PCBs associated with thyroid effects in hooded seal pups (Gabrielsen et al.,
2011). Furthermore, the concentration of 4-OH-CB107 in the polar
bear cubs in 2008 (7.7 ± 7.6 ng/g ww) was approximately 300 times
higher than the cord blood concentrations associated with effects on
cognitive development in children (0.028 ± 0.045 ng/g ww) (Park
et al., 2009). Because plasma levels of PCBs and OH-PCBs in polar
bear cubs still appear to be above levels associated with health effects,
we suggest that studies related to potential effects of PCBs and OHPCBs on biological end-points in cubs, such as thyroid hormone variables should be conducted.
4. Conclusions
There was a signiﬁcant transfer of PCBs from polar bear mothers to
suckling cubs-of-the-year. In contrast, the maternal transfer of OHPCBs was lower than for PCBs. Furthermore, our ﬁndings indicate
that the cubs have a lower endogenous capacity to biotransform
PCBs into OH-PCBs compared to their mothers. Plasma levels of
Σ21PCBs and Σ6OH-PCBs in polar bear mothers and their suckling
cubs from Svalbard were signiﬁcantly lower in 2008 than in 1998.
Nevertheless, the levels of PCBs and OH-PCBs in cubs from 2008 are
still above levels associated with health effects in humans and wildlife. Thus, studies related to potential effects of PCBs and OH-PCBs
on biological end-points in cubs, such as thyroid hormone variables
should be conducted.
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